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a b s t r a c t

Trophic support functions for fishes are a key goal of salt marsh restoration. Food availability

in restored sites may be enhanced by creation of shallow pools, which are important sources

of prey items in tidal wetlands. Young restored salt marshes are typically sparsely vegetated

and are subject to rapidly changing geomorphology. Scouring and sedimentation create and

fill shallow depressions, producing a shifting mosaic of tidal pools. In a large (8-ha) southern

California experimental restoration site, we created shallow pools and assessed their devel-

opment of foods for fishes. Created pools quickly developed abundant invertebrate prey,

with densities exceeding those found in older, naturally formed pools (P < 0.0001). Oppor-

tunistic mobile and disturbance-associated taxa (calanoid copepods, nematodes, Polydora

complex, and Trichocorixa reticulata) accounted for higher invertebrate densities in created

pools. We repeated experiments in spring, summer, and fall and found seasonal variabil-

ity in trophic development. We also applied bottom-up (nitrogen addition) and top-down

(fish exclusion) treatments to pools. Some measures of algal biomass were increased by

nitrogen fertilization (P = 0.001–0.06), but there were no upward-cascading effects on inver-

tebrate composition or abundance. Fish abundance in the site varied seasonally, but there
idal creeks

ijuana Estuary

opographic heterogeneity

were no compelling effects of fish exclusion treatments on algal or invertebrate abundance.

Incorporating shallow depressions into salt marsh restoration projects is a potential tool to

jumpstart fish-support functions.

port functions are a key goal of salt marsh restoration (West
. Introduction

cological restoration seeks to create persistent, self-
ustaining ecosystems (Allen et al., 2003), but young restored
ites are vulnerable to disturbances that interfere with restora-
ion goals (Holling, 1973; Suding et al., 2004). Improved

nderstanding of recently restored sites’ functional develop-
ent can reduce uncertainty and increase achievement of

estoration goals (Palmer et al., 1997; Kentula, 2000; Teal and
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Weishar, 2005). One important but often overlooked function
of restored sites is trophic support for target fauna (Vander
Zanden et al., 2006).

Salt marshes play an essential role in providing food for
fishes (Boesch and Turner, 1984; Kneib, 1997) and trophic sup-
onservation, Chicago Botanic Garden, 1000 Lake Cook Rd., Glencoe,

et al., 2000; Weishar et al., 2005). In southern California, degra-
dation or destruction of >90% of tidal wetlands have created a
critical need for salt marsh restoration (Zedler, 2001) and many

mailto:dlarkin@chicagobotanic.org
dx.doi.org/10.1016/j.ecoleng.2008.09.009
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large projects are underway or planned. Southern California
marshes produce invertebrates and algae that are trophically
important for Fundulus parvipinnis (California killifish) and
Gillichthys mirabilis (longjaw mudsucker), the two fishes that
commonly use marsh surfaces in the region (Kwak and Zedler,
1997; Talley, 2000; West et al., 2003; Larkin et al., 2008). West
and Zedler (2000) found that F. parvipinnis with marsh access
fed at rates six times greater and ate a more diverse suite of
prey items than those restricted to subtidal channels. This
increased feeding enhances F. parvipinnis growth and repro-
duction (Madon et al., 2001). F. parvipinnis is short-lived (∼12–18
months), with a highly seasonal life cycle (Fritz, 1975). The
region’s seasonally variable, mixed-semidiurnal high tides
restrict when fishes can access marsh surfaces (Maloney and
Chan, 1974; Madon et al., 2001). The food resources that F.
parvipinnis encounters during these temporal “windows” of
marsh access dictate the bioenergetic and reproductive bene-
fits they garner from marsh utilization (Madon et al., 2001).

Recently restored sites are often sparsely vegetated and
have fewer invertebrates than reference sites (Scatolini and
Zedler, 1996; Armitage and Fong, 2004a). In such cases, shallow
ephemeral pools on marsh surfaces can be important sources
of invertebrate prey for fishes during high tides (Larkin et al.,
2008), as they are in older restored and reference sites (Kneib,
1984; Angradi et al., 2001; Able et al., 2003). Over short time
periods (hours to days), these pools fill with water and drain
in response to tidal regimes. Over longer time periods, pools
can form and disappear with seasonal oscillations between
sediment resuspension and accretion (shown to change local
surface elevation by ±13 cm in <1 year; Onuf, 1987; Ward et
al., 2003; Wallace et al., 2005). This is particularly true in
recently restored sites, where there is little vegetation to sta-
bilize sediments and vegetation patchiness influences water
flow (Fennessy et al., 1994; Wallace et al., 2005).

As tides and geomorphology interact to produce a shift-
ing mosaic of pools, the biotic composition of these pools
may be influenced by bottom-up and top-down trophic fac-
tors. Salt marshes generally have nitrogen (N) limited primary
production (Sundareshwar et al., 2003) and N pulses have
bottom-up effects on their plant, algal, and invertebrate com-
munities (Fong et al., 1993; Boyer and Zedler, 1998; Gratton
and Denno, 2003; Armitage and Fong, 2004b). Due to watershed
urbanization, southern California estuaries often receive large
pulses of N, especially during the rainy season (Boyle et al.,
2004). Changes in consumer abundance can have reciprocal,
top-down effects on salt marsh trophic resources (Quammen,
1981; Kneib and Stiven, 1982; Silliman et al., 2004). In southern
California marshes, seasonal and long-term fluctuations in F.
parvipinnis and G. mirabilis use of marsh surfaces (Larkin et al.,
2008) may affect invertebrate abundance.

In an earlier study, we found that F. parvipinnis preferen-
tially used naturally formed pool microhabitats, which had
elevated food resources, over flat and vegetated portions of a
young restored site (Larkin et al., 2008). In the present study, we
experimentally created pools as a test of a potential trophic-
function restoration tool. We assessed pools’ development of

food resources. We hypothesized that newly created pools
would quickly develop food resources for fishes in excess of
those found previously in flat, non-pool microhabitats (Larkin
et al., 2008). We also expected created pools to differ from
g 3 5 ( 2 0 0 9 ) 65–74

older pools, with lower algal and invertebrate abundance
and differing invertebrate composition (more mobile and
disturbance-associated taxa; Netto and Lana, 1994; Scatolini
and Zedler, 1996; Talley and Levin, 1999; Moseman et al., 2004;
Zheng et al., 2004). We hypothesized that abundances of inver-
tebrates and algae would vary seasonally (Brinkhuis, 1977;
Zedler, 1982; Scatolini and Zedler, 1996; Caffrey, 2004). We
expected N pulses (a common pollution event in highly urban-
ized southern California) to increase abundance of algae (Fong
et al., 1993; Armitage and Fong, 2004b) and for increased algal
biomass to cascade up to increase invertebrate abundance
(Posey et al., 1995; Sarda et al., 1996). We hypothesized that
predation effects of fishes on invertebrates would be negligi-
ble in spring and summer but detectable during the fall, when
F. parvipinnis abundance peaks (Larkin et al., 2008).

2. Study area

The Tijuana River National Estuarine Research Reserve
(Tijuana Estuary; 32◦35′N, 117◦07′W) is located in San Diego
Co., CA, USA, on the international border with Mexico, wherein
∼75% of its 4500-km2 watershed lies. The 1024-ha salt marsh-
dominated estuary is in the Californian biogeographic region,
with a Mediterranean-type climate (Zedler et al., 1992). Tijuana
Estuary is important to regional biodiversity and, in 2005, was
designated a Ramsar Wetland of International Importance
(Ramsar Convention Bureau, 2006).

Tijuana Estuary is exposed to frequent disturbances due
to its position in a densely populated watershed with highly
erodible soils and development on steep, sparsely vegetated
hillsides (Ward et al., 2003). After rainstorms, turbid, muddy,
nutrient-rich water is discharged into the estuary (Greer and
Stow, 2003; Ward et al., 2003; Boyle et al., 2004; Wallace et
al., 2005). Nutrient loading is exacerbated by occasional over-
flows of sewage from a nearby treatment facility that serves
Tijuana, Mexico (IBWC, 2006). There are also densely popu-
lated, unplumbed developments on the Mexican side of the
watershed (RWBC, 2002). Pulses of nitrogen from raw sewage
enter the estuary during rainfall events. A food web analysis
of Tijuana Estuary found little evidence that sewage-derived
organic matter directly influenced consumers but concluded
that sewage may have indirectly influenced consumers by pro-
viding increased inorganic nitrogen to microalgae (Kwak and
Zedler, 1997).

3. Methods

3.1. Experimental design

The Friendship Marsh in Tijuana Estuary was excavated in
1999 and opened to tidal flushing in February 2000 (Zedler et
al., 2003). It is an 8-ha experimental salt marsh restoration site
that contains three replicate “cells” (∼1.3 ha each) built with
tidal creek networks and three replicates without tidal creeks

(Entrix et al., 1991; Madon et al., 2002). Cells with and with-
out creeks were paired in a complete block design, with the
western half of each block including a creek network and the
eastern half without. Cells were numbered 1–6 from west to
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ast. Each cell was constructed to have zones of unplanted
udflat (∼0.3-m elevation NGVD 29, adjacent to a subti-

al channel), an intermediate elevation with Spartina foliosa
Pacific cordgrass) planted as plugs, and a mostly unvegetated
0.8-m elevation marsh plain with 108 plots experimentally
lanted with five halophyte species (Wallace et al., 2005).

Shallow pools formed on the marsh plain due to sediment
esuspension from wind-driven waves (Wallace et al., 2005).
ools were variable in size (<0.1 to ∼400 m2) and maximum
epth (<3 to ∼20 cm) and conspicuous because of the marsh
lain’s low plant cover (Larkin, unpublished data). In 2005,
arsh plain cover comprised primarily pools (46%), followed

y vegetation (31%, dominated by the halophyte Salicornia
irginica; Varty and Zedler, 2008). Pools generally contained
levated invertebrate abundance relative to non-pool areas
Larkin et al., 2008).

We created and experimentally manipulated pools on three
ccasions. We analyzed chlorophyll and invertebrate data to
etect responses to season, N fertilization, and fish exclu-
ion. Monitoring of natural pools and fish abundance was
erformed for a separate study (Larkin et al., 2008) and those
ata are cited herein to provide context for results of pool
xperiments.

.2. Experimental pools

e performed pool experiments on three occasions. Treat-
ents were applied using a 2 × 3 fully crossed factorial design

esting the effects of N addition (control or fertilized) and fish
xclusion (none, partial, or full). For each run of the experi-
ent, we set up three blocks in a randomized complete block

esign. Each block consisted of 12 pools in a 2 × 6 matrix with
replicates of 6 unique treatment combinations (6 replicates

nd 36 pools per experiment). We sited all experimental pools
n cells 5 and 6 to minimize confounding effects of spatial vari-
bility (i.e., distances between blocks and distances between
xperimental and natural pools). We arbitrarily positioned
locks in areas of the marsh plain that were unvegetated, rel-
tively flat, and at intermediate elevation in the marsh plain.

We dug pools using a sharp-edged, bottomless plastic cor-
ng device and hand trowels. Each pool was circular in shape,
at-bottomed, 10-cm in depth (typical of natural pools), and
ad an area of 0.25 m2. Pools were spaced 1 m apart on cen-

er. We randomly assigned treatments (full, partial, or absent
xclosure; ±N addition) with stratification by block using R
.5.1 (R Development Core Team, 2007). We placed three 5-
m × 5-cm unglazed ceramic tiles in each pool in a triangular
ormation to act as substrates for new growth of epiben-
hic algae. Tiles are highly durable media and are often used
o assess algal growth in aquatic research (Steinman and
amberti, 1996). We applied all treatments within 48 h of pool
xcavation.

For each pool receiving N fertilization, we evenly dispersed
2.4 g of NH4–NO3 fertilizer pellets (33% N by mass) in the
ool for a loading rate of 30 g N m−2. The same addition was
epeated on the following day to compensate for tidal flushing.

his loading rate is typical for nitrogen fertilization studies in
alt marshes (Boyer and Zedler, 1998; citations therein).

For August and October experiments, fish exclosures were
ade of galvanized metal hardware cloth with 0.64-cm square
3 5 ( 2 0 0 9 ) 65–74 67

mesh. Full exclosures consisted of 0.9-m tall circular fences
with 2.25-m circumferences that completely enclosed pools
and were designed to exclude fish while allowing movement of
water and invertebrates. Partial exclosures were applied to test
for unintended, confounding effects of exclosures (Connell,
1997). Partial exclosures were semicircles of hardware cloth
that enclosed half of pools’ circumferences and were posi-
tioned south of pools to maximize possible shading effects. In
June, exclosures were constructed from plastic netting with
0.64-cm square mesh. While this material had been effective
during an earlier pilot experiment, in June these exclosures
became overgrown with algae and plastic netting was not used
in subsequent months.

We created and treated pools during neap tides and har-
vested them (collected chlorophyll and invertebrates) during
neap tides after two sets of spring tides had passed (each
experiment ran for one lunar cycle or ∼4 weeks). The first
round of experimental pools was set up May 19–21 and har-
vested June 23–25 (fully exclosed pools were not sampled
due to high algal growth on plastic netting used during that
period). The second round was created July 22–25 and har-
vested August 22–23. The third set of pools was created
September 25–26 and harvested October 21–22. Experimental
cohorts are referred to hereafter by the month when they were
harvested (June, August, and October).

3.3. Chlorophyll sampling and analysis

To sample epibenthic algae, we collected ceramic tiles from
pools and immediately put them in plastic containers, which
were then wrapped with aluminum foil and placed on ice. We
sampled phytoplankton in pools by collecting ∼100-ml water
samples in plastic containers, also wrapped in foil and placed
on ice.

We used spectrophotometric measures of chlorophyll (chl)
concentrations as an indicator of algal abundance (APHA,
2005). Chl a is present in all photosynthetic algae, including
cyanobacteria (blue-green algae), chl b is found in green algae,
and chl c is found in photosynthetic diatoms (Rowan, 1989).

Chlorophyll samples were collected and processed on
the same dates. Epibenthic algae were scraped off of tiles
from experimental pools into centrifuge tubes. We vacuum-
filtered water column chlorophyll samples through 0.45-�m
pore size mixed cellulose ester membranes and transferred
membranes to centrifuge tubes. We added 90% aqueous
acetone (90 parts acetone, 10 parts saturated magnesium
carbonate solution) to samples, sonicated them, and stored
them in the dark for 12–24 h at 4 ◦C to extract pigments.
We estimated biomass of chlorophyll a (with correction for
presence of pheophytin, a chlorophyll degradation product),
chlorophylls b and c by placing extracts in 1-cm quartz
cuvettes and measuring optical densities with a Beckmann
spectrophotometer. We tested extracts’ absorbances at 750,
664, 647, and 630 nm prior to acidification and at 750 and
665 nm after 1.5-min of acidification with 1N HCl (APHA,
2005).
We calculated chlorophyll concentrations by area (mg m−2)
and volume (mg m−3) for epibenthic and water samples,
respectively. As is common at low chlorophyll concentrations,
some negative values occurred as artifacts of measurement
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Fig. 1 – Densities of invertebrate taxa found in naturally
occurring and experimentally manipulated pools. Sampling
of 36 experimental pools took place every 2 months
spring-fall 2005. Data for natural pools are from Larkin et
al. (2008) and are shown here for comparative purposes.
Taxa codes: CalaCope, Calanoid copepod; CapiSpp, Capitella
spp.; CeriCali, Cerithidea californica; FamiCapi, Family
Capitellidae; FamiSpio, Family Spionidae; FlyLarv, Fly
larvae; HemiOreg, Hemigrapsus oregonensis; InseLarv, Insect
larvae; NemaSpp, Nematode spp.; OligSpp, Oligochaete
spp.; PolyComp, Polydora complex; SpioDupl, Spiophanes
68 e c o l o g i c a l e n g i n e

error and biomass formulas. Negative values were changed
to zeros and data were normalized using a log(x + 1) trans-
formation prior to analyses. We analyzed data using a linear
model in R 2.5.1 (R Development Core Team, 2007). We tested
for differences among experimental pools by month and
treatments.

3.4. Invertebrate sampling and analysis

We collected epibenthic invertebrates using 3-cm deep, 7.5
(August, October) to 10-cm diameter (June) PVC cores. We
placed cores in plastic containers, covered them with 90%
ethanol, and shook the sealed containers so that the cores and
ethanol would mix. We collected invertebrates in pool water
columns by sinking a bottomless plastic bucket into the marsh
surface. We then bailed water from the bucket and poured
it through a 0.5-mm sieve. We washed samples with water,
rinsed invertebrates from the sieve into plastic containers, and
added 90% ethanol.

Invertebrate samples were soaked for 30 min in a Rose
Bengal–ethanol solution to stain organic material. We then
separated animals from debris and used a dissecting micro-
scope (10–70×; Olympus Model SZH10) to count them and
identify them to the lowest feasible taxon.

We calculated densities of invertebrates for epibenthic
and water column samples as individuals m−2 and summed
them to calculate total combined invertebrate densities. A
log(x + 1) transformation was used to normalize data. We ana-
lyzed data using a linear model in R 2.5.1 (R Development
Core Team, 2007). We employed multivariate methods to
address differences in invertebrate density and composi-
tion. We calculated dissimilarity matrices for log-transformed
invertebrate density data using Bray-Curtis distances between
sample units. We performed non-metric multi-dimensional
scaling (NMS) ordination and Analysis of Similarity (ANOSIM)
testing using the vegan package in R 2.5.1 (Oksanen et
al., 2006; R Development Core Team, 2007). We tested
for differences between natural and experimental pools
and differences among experimental pools by month and
treatments.

4. Results

4.1. Block effects

Locations of experimental pools (block) significantly affected
invertebrate densities (P < 0.0001) and concentrations of water
column chl a (P = 0.001) and chl c (P = 0.01). Mean inverte-
brate densities differed greatly among blocks, ranging from
1262 ± 311 individuals m−2 (mean ± 1 S.E.) to 9856 ± 2534 in
June, 435 ± 85 to 837 ± 175 in August, and 580 ± 79 to 3880 ± 646
in October. Concentrations of water column chl a varied from
99.1 ± 12.1 mg m−3 to 183.9 ± 13.9 in June, 10.3 ± 2.9 to 14.6 ± 4.1
in August, and 77.1 ± 21.5 to 378.5 ± 87.3 in October. Concen-

trations of water column chl c varied from 35.4 ± 5.2 mg m−3 to
58.4 ± 8.2 in June, 0.7 ± 0.5 to 3.7 ± 2.5 in August, and 19.4 ± 6.3
to 78.8 ± 18.1 in October. Concentrations of water column chl
b and epibenthic chl a, b, and c were not affected by block
(P = 0.92, 0.17, 0.49, and 0.37, respectively).
duplex; TricReti, Trichorixa reticulata; UnidInse, Unidentified
insect; UnidOpis, Unidentified opisthobranch.

4.2. Experimental pools vs. non-pools and natural
pools

Invertebrate data from non-pool areas and naturally occur-
ring pools in the Friendship Marsh are reported elsewhere
(Larkin et al., 2008) and are included here for compar-
ative purposes. Consistent with expectations, experimen-
tal pools had greater than two-fold higher densities of
invertebrates than non-pools (1899 ± 319 individuals m−2 vs.
707 ± 160 individuals m−2, respectively; P < 0.0001). Contrary to
expectations, experimental pools also had higher densities of
invertebrates than natural pools (1009 ± 218 individuals m−2,
P < 0.0001). There were no differences in mean taxonomic rich-
ness between experimental and natural pools (2.8 ± 0.1 and
3.1 ± 0.3 taxa per sample, respectively, P = 0.30) but ANOSIM
testing showed that composition of experimental and natural
pools differed significantly (P < 0.001). Invertebrate densities in
experimental pools had higher proportions of disturbance-
associated (nematodes, Polydora complex) and mobile taxa
(Trichocorixa reticulata, calanoid copepods, Fig. 1).

4.3. Seasonal variability
Experiment month influenced trophic structure, as indicated
by differing abundances of algae and invertebrates (Fig. 2).
Concentrations of epibenthic chl a, b, and c differed by month



e c o l o g i c a l e n g i n e e r i n g 3 5 ( 2 0 0 9 ) 65–74 69

F
e

(
c
t
f
s

(
m
t

F
c
b
s
P
i
(

Fig. 4 – NMS ordination of invertebrate data
(epibenthic + water column) for experimental pools by
month of experiment. Bray-Curtis dissimilarities were
calculated using log-transformed density data and plotted
ig. 2 – Relative abundances of invertebrates and
pibenthic chl a by month in experimental pools.

P < 0.0001, 0.01, and 0.0001, respectively), as did water column
hl concentrations (P < 0.0001 for chl a, b, and c, Fig. 3). Epiben-
hic chlorophyll levels increased from spring to summer to
all. Water column chlorophyll levels were generally lower in
ummer than in spring and fall.

Experimental pool invertebrate densities varied by month

P < 0.0001, Fig. 1) and month was also a significant factor in

ultivariate analyses of invertebrate composition (ANOSIM
est: P < 0.001, Fig. 4). Invertebrate densities were highest

ig. 3 – Mean concentrations of epibenthic (top) and water
olumn (bottom) chl a, b, and c in experimental pools. Error
ars are ±1 S.E. Concentrations of each chl type differed
ignificantly by month (P = 0.01 for epibenthic chl b,
< 0.0001 for all others). Within chl groups, different letters

ndicate significant pairwise differences between months
˛ ≤ 0.05, Fisher’s test).
using three dimensions (stress = 13.1). See Fig. 1 for species
codes.

in June pools (4878 ± 1204 individual m−2), lowest in August
(614 ± 73), and intermediate in October (1689 ± 327).

4.4. Nitrogen fertilization effects

Epibenthic chl a and c concentrations showed a weak positive
response to nitrogen addition (P = 0.06 and 0.04, respectively).
However, chl b concentrations did not (P = 0.28). Water column
chlorophyll response to nitrogen followed the same pattern
(chl a: P = 0.001, chl b: P = 0.68, and chl c: P = 0.01, Fig. 5).

There was no evidence that nitrogen addition directly
affected total invertebrate densities (P = 0.61) or invertebrate
composition (ANOSIM: P = 0.88). There was moderate congru-
ence between algal and invertebrate abundances in pools.
Water column chl b and c concentrations had significant,
positive associations with invertebrate densities (P = 0.09 and
0.008, respectively). However, the relationships were not
strong (R2 = 0.10 for chl b and 0.11 for chl c) and other measures
of algal abundance (water column chl a, all epibenthic chl)
had no significant correlations with invertebrate abundance
(P = 0.46–0.97). Based on the design of this experiment, bottom-
up effects of algae on invertebrates could not be untangled
from possible reciprocal effects of invertebrate herbivory on
algal biomass.

4.5. Fish exclosure effects

Detailed fish trapping results are reported in Larkin et al.
(2008). For interpretation of fish exclosure effects, the follow-

ing trends are notable: consistent with the known seasonality
of F. parvipinnis life history, catch rates differed by month
(P < 0.001) and were low during the spring and summer and
higher in the fall. G. mirabilis catch rates also differed by month
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Fig. 5 – Mean concentrations of epibenthic (top) and water

column (bottom) chlorophylls a, b, and c in experimental
pools by N fertilization treatment. Error bars are ±1 S.E.

(P < 0.001) and were highest in early summer and lowest in
late summer. F. parvipinnis were caught at nearly nine-fold
higher rates in traps deployed in pools than those deployed
on flat ground (P < 0.001), despite the fact that all trapping
occurred when the entire marsh was inundated by high
tides.

Fish exclosures had no effect on epibenthic chl a, b, or c
concentrations (P = 0.51, 0.72, and 0.22, respectively). Exclosure
type was a significant factor in water column concentra-
tions of chl b and c (P = 0.07 and 0.03, respectively) but not
a (P = 0.31). For water column chl b, concentrations were
highest in the open (no exclosure) treatment (mean ± 1 S.E.:
4.4 ± 1.4 mg m−3), intermediate in the partial exclosure treat-
ment (1.9 ± 0.9), and lowest in the fully exclosed treatment
(1.8 ± 1.0). Water column chl c concentrations followed the
same pattern, with open, partial, and exclosed means of
33.4 ± 5.3, 32.0 ± 10.2, and 29.3 ± 10.3, respectively.

Exclosure type did not affect total invertebrate densities
(P = 0.11) but there was weak evidence that exclosure treat-
ments affected composition and abundance of invertebrates
(ANOSIM: P = 0.078).

5. Discussion

Experimentally created pools quickly developed food
resources for fishes. From gut content and stable isotope
analyses, we know that the invertebrate taxa found in cre-
ated pools are suitable prey for F. parvipinnis and G. mirabilis
(Kwak and Zedler, 1997; West et al., 2003; Kwak unpublished
data; Madon unpublished data). Invertebrates were higher in
abundance and had differing composition than were found

in a companion study of non-pools and naturally occurring
pools (Larkin et al., 2008). Algal abundance increased with
nitrogen fertilization but invertebrates were not influenced by
nitrogen addition (bottom-up) or fish access (top-down) treat-
g 3 5 ( 2 0 0 9 ) 65–74

ments. Pool creation may be a useful tool for jumpstarting
fish-support functions in young, restored sites.

5.1. Experimental pools differed from natural pools
and other sites

As expected, invertebrate densities in created pools exceeded
those found in non-pools. We expected young pools (∼4 weeks
old) to have lower densities of invertebrates than existing
pools, but this was not the case. A few taxa accounted for
the high densities in created pools (Fig. 1); these were oppor-
tunistic passive deposit feeders (Polydora complex, nematodes)
and mobile arthropods (T. reticulata, calanoid copepods) often
found in disturbed settings (Euliss et al., 1991; Netto and Lana,
1994; Levin et al., 1996; Hart et al., 1998; Schratzberger et al.,
2004).

In addition to created pools’ newness, their morphology
was a likely factor in differences observed between created
and natural pools. The area of created pools (0.25 m2) was
within, but on the low end of, the range found for naturally
occurring pools (∼0.1–400 m2). Depth of created pools (10 cm)
was typical of that found for natural pools but created pools
were steep-walled rather than sloping and had lower area-to-
depth ratios. It is likely that these differences in created pool
morphology influenced algal, invertebrate, and fish responses;
as the character of topographic heterogeneity, not just its pres-
ence or absence, has been shown to influence biotic responses
(Vivian-Smith, 1997; Larkin et al., 2006).

Overall, the densities of invertebrates we found were
much lower than in other salt marsh studies. Talley and
Levin (1999) sampled invertebrates in marsh plain portions of
four restored salt marshes in southern California and found
densities ranging from 28,000 to 290,000 individuals m−2. In
contrast, the highest monthly mean we encountered was
<5000 individuals m−2. Lower invertebrate densities in our
study are likely due to larger sieve mesh size, a younger site,
and lack of vegetation cover in sampled areas (Scatolini and
Zedler, 1996; Talley and Levin, 1999). Moseman et al. (2004)
also found higher invertebrate densities in the Friendship
Marsh (26,000 individuals m−2) than in our study but their
sampling took place in a Spartina-vegetated area near the
main tidal channel. Invertebrate assemblages differ between
Spartina and marsh plain habitats (where we sampled), and
comparisons are problematic (Talley and Levin, 1999). Also, the
cores taken by Moseman et al. (2004) were sieved with smaller-
sized mesh (0.3 mm rather than 0.5 mm), which would lead to
more smaller taxa being identified. The cores of Moseman et
al. (2004) were also 6 m deep while ours were only 3 cm deep
(as our focus was on invertebrates readily accessible to fishes).

Water in pools is exchanged frequently via tidal flushing, so
we expected phytoplankton levels to vary with sampling time
and to be less likely than epibenthic algae to show treatment
effects. However, water column chlorophyll concentrations
were significantly increased by N addition, indicating that tidal
flushing is insufficient to “reset” conditions in pools. This find-
ing also suggests that there may be exchanges between the

benthic and pelagic algal components of pools.

Epibenthic chl a concentrations in our study were orders
of magnitude lower than those of other manipulative exper-
iments in southern California salt marshes (Armitage and
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ong, 2004b; Boyer and Fong, 2005). Variability in algal
iomass is high in southern California salt marshes, compli-
ating comparison between sites (Zedler, 2001). For example,
rmitage and Fong (2004b) and Boyer and Fong (2005) both
ampled chl a in Mugu Lagoon, yet their results differed
reatly. Southern California’s mild climate, the presence of
itrogen-fixing cyanobacteria, and high spatiotemporal vari-
bility from tides might reduce environmental controls on
lgal assemblages and increase the influence of stochastic
rocesses.

.2. Temporal variability

lgal abundance and invertebrate composition and abun-
ance differed significantly with month of experimentation.
atterns of epibenthic chlorophyll concentrations were con-
istent with expectations, increasing from spring to summer
o fall during those periods’ favorable growth conditions
Zedler, 1980, 1982). Water column chlorophyll concentrations
lso followed the predicted pattern, showing a mid-summer
ecline in phytoplankton abundance. This is consistent with
levated tidal amplitudes during this period (NOAA, 2006),
hich can lead to dilution of phytoplankton, and net ecosys-

em metabolism of Tijuana Estuary being negative (respiration
n excess of production) during the summer (Caffrey, 2004).

Invertebrate densities did not follow the predicted tem-
oral pattern of increase from spring-fall, instead showing a
ecline in summer. Salt marsh invertebrate abundances can
e highly variable over time, making patterns difficult to dis-
ern (Kneib, 1984; Levin and Talley, 2002; West et al., 2003),
ven with long-term monitoring (e.g., 11 years; Desmond et
l., 2002). Elevated tidal amplitudes prior to sampling of July
ools may have flushed out some invertebrates. It is also possi-
le that spatial variability (block effects) confounded temporal
atterns.

.3. Bottom-up effects

s expected, epibenthic algal abundance was increased by
itrogen addition (based on measurements of chl a and c).
his was also the case for water column chlorophyll concen-

rations, despite frequent tidal water exchanges. Our finding
grees with other studies that implicate nitrogen as a limiting
utrient in salt marshes (Fong et al., 1993; Valiela et al., 1997;
oyer and Zedler, 1998; Gratton and Denno, 2003; Armitage
nd Fong, 2004b).

We did not see a significant effect of nitrogen addition
n invertebrate composition or abundance. While algal abun-
ance increased with fertilization and invertebrates were
ositively associated with some measures of algal abundance,
here was no upward cascade of nutrient effects. The com-
ination of high mobility in some invertebrate taxa (e.g., T.
eticulata) and small (0.25 m2) experimental units may have
ed to low fidelity of invertebrates to fertilized areas. It is also
ossible that the experiments were too brief to show nitro-

en effects on invertebrates. Another salt marsh study showed
ttenuation of a potential cascade from algae to invertebrates
nd a negative herbivore response to fertilization (Armitage
nd Fong, 2004b).
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5.4. Top-down effects

We found no compelling evidence of top-down effects from
fish exclosures. There was weak evidence of exclosure effects
on water column chl b and c and invertebrate composition.
However, the lack of an invertebrate density response to
exclosures leads us to conclude that these effects were spuri-
ous or unintended effects of exclosures (Connell, 1997). One
confounding effect of exclosures might have been greater
attraction or retention of invertebrates due to enhanced ver-
tical structure. This could have led to increased herbivory
in such pools and reduced chlorophyll concentrations (the
pattern we saw). However, this also should have been accom-
panied by an effect of exclosures on invertebrate density.
Shading effects seem more likely, as this would explain the
high to intermediate to low chlorophyll abundance pattern
observed with open, partial, and exclosed treatments, respec-
tively. It is also possible that a leachate from the hardware
cloth (e.g., zinc) reduced algal growth. When plastic netting
was used, the opposite problem arose: overgrowth of algae.
The close proximity of pools (1.0 m apart on center) was neces-
sitated by the limited availability of sufficiently large, flat,
unvegetated areas. However, these short distances could have
led to carry-over effects between adjacent pools with different
exclosure treatments.

It is also possible that fish use of the marsh did not
occur with adequate frequency or at sufficient densities
to offset stronger spatial, temporal, and biotic variables.
In addition, the unique morphology of experimental pools
(see above) may have made them unattractive to foraging
fishes.

Characteristics of salt marshes make them difficult habi-
tats in which to detect top-down effects. They are very open
systems, with not just strong but, through tide flow and ebb,
bi-directional connections to adjacent habitats. Salt marshes
are dynamic and complex, with high abiotic variability, and
can be affected by subtle differences in habitat heterogene-
ity (Adam, 2002; Larkin et al., 2008). These and other factors
are likely to buffer top-down effects, turning potential cas-
cades into trickles (Strong, 1992). As Strong (1992) notes,
“spatial and temporal heterogeneity are not a prominent
part of true trophic cascades, which are processes operat-
ing homogeneously in space.” Recent field studies showing
strong top-down effects and trophic cascades in salt marshes
(Silliman et al., 2004, 2005) have occurred in systems domi-
nated by large, monotypic stands of Spartina, making them
relatively spatially homogenous. They have involved organ-
isms with tight trophic linkages (i.e., periwinkle snails that
exert strong top-down control on Spartina, blue crabs that
are major predators of periwinkle snails). Also, the predators
involved (crabs and a terrapin) were resident marsh organ-
isms, with less temporal variability in abundances than fish,
which come and go with the tides. Kneib and Stiven (1982)
demonstrated top-down control of invertebrates by Fundulus
heteroclitus. However, their study involved keeping manip-
ulated densities of fishes in a marsh through the use of

enclosed water-holding pits to enable survival through low
tides. This “constant fish” treatment differs markedly from
natural conditions in southern California, where semidiurnal
mixed tides lead to brief and infrequent marsh inundations,
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limiting the accessibility of marsh surfaces to fishes (Larkin et
al., 2008).

5.5. Restoration recommendations

Previous work in southern California has indicated that nat-
urally formed pools function as “oases” of elevated food
abundance that are preferred microhabitats for F. parvipinnis,
an important target fish species for salt marsh restoration
(Larkin et al., 2008). Studies in other regions have demon-
strated trophic and other benefits of pools to fishes (Smith
and Able, 1994; Angradi et al., 2001; Able et al., 2003; Stevens
et al., 2006).

The present study demonstrated that pools created to
mimic a potential restoration tool quickly developed abun-
dant food resources for fishes. Particularly in young, sparsely
vegetated marshes in early stages of invertebrate coloniza-
tion, pools added as restoration treatments may accelerate the
emergence of fish trophic support functions. Factors likely to
influence prey availability for fishes from created salt marsh
pools, and which may warrant further study, include seasonal
timing of pool creation as well as pool elevation, area, depth,
and morphology.

6. Conclusions

Consistent with prior findings that increased habitat het-
erogeneity led to increased abundances of opportunistic
invertebrates (Netto and Lana, 1994), we found that newly
excavated pools quickly provided fish prey and in higher abun-
dances than in older pools naturally formed by sediment
resuspension.

The timing of pool formation influenced the abundance
of algae and abundance and composition of invertebrates
that colonized pools. Nitrogen addition affected the abun-
dance of algae but not the abundance or composition of
invertebrates. We found no compelling effects of fish exclo-
sures on invertebrate densities. Brief and temporally variable
tidal inundations, seasonality in fish abundances, and poten-
tial confounding effects of exclosures may have reduced
detectability of top-down effects from fishes.

Incorporating shallow pools into salt marsh restoration
projects can accelerate the development of trophic support
functions. Larger-scale, longer-term experiments and tests of
how created pools’ sizes and morphologies influence their
trophic development would advance our understanding of this
potential tool for restoration of trophic support.

Acknowledgments

This research was supported by a grant from the National Sci-
ence Foundation (DEB 0212005). We thank T. Allen, L. Graham,
C. Gratton, J. Vander Zanden, two anonymous reviewers, and

the editors of Ecological Engineering for comments that sub-
stantially improved this manuscript; B. Larget for statistical
advice; M. Lucero and T. Rodriguez for help in the field; the
Field Stations office and L. Thurn of San Diego State University;
and the staff of the Tijuana River NERR.
g 3 5 ( 2 0 0 9 ) 65–74

e f e r e n c e s

Able, K.W., Hagan, S.M., Brown, S.A., 2003. Mechanisms of marsh
habitat alteration due to Phragmites: response of
young-of-the-year Mummichog (Fundulus heteroclitus) to
treatment for Phragmites removal. Estuaries 26, 484–494.

Adam, P., 2002. Saltmarshes in a time of change. Environ.
Conserv. 29, 39–61.

Allen, T.F.H., Giampietro, M., Little, A.M., 2003. Distinguishing
ecological engineering from environmental engineering. Ecol.
Eng. 20, 389–407.

Angradi, T., Hagan, S., Able, K., 2001. Vegetation type and the
intertidal macroinvertebrate fauna of a brackish marsh:
Phragmites vs. Spartina. Wetlands 21, 75–92.

APHA, 2005. Standard Methods for the Examination of Water and
Wastewater. American Public Health Association,
Washington, DC, 1368 pp.

Armitage, A.R., Fong, P., 2004a. Gastropod colonization of a
created coastal wetland: potential influences of habitat
suitability and dispersal ability. Restor. Ecol. 12, 391–400.

Armitage, A.R., Fong, P., 2004b. Upward cascading effects of
nutrients: shifts in a benthic microalgal community and a
negative herbivore response. Oecologia 139, 560–567.

Boesch, D.F., Turner, R.E., 1984. Dependence of fishery species on
salt marshes: the role of food and refuge. Estu. Coasts 7,
460–468.

Boyer, K.E., Fong, P., 2005. Co-occurrence of habitat-modifying
invertebrates: effects on structural and functional properties
of a created salt marsh. Oecologia 143, 619–628.

Boyer, K.E., Zedler, J.B., 1998. Effects of nitrogen additions on the
vertical structure of a constructed cordgrass marsh. Ecol.
Appl. 8, 692–705.

Boyle, K.A., Kamer, K., Fong, P., 2004. Spatial and temporal
patterns in sediment and water column nutrients in a
eutrophic southern California estuary. Estuaries 27,
378–388.

Brinkhuis, B.H., 1977. Seasonal variations in salt-marsh
macroalgae photosynthesis. I. Ascophyllum nodosum ecad
scorpioides. Mar. Biol. 44, 165–175.

Caffrey, J.M., 2004. Factors controlling net ecosystem metabolism
in US estuaries. Estuaries 27, 90–101.

Connell, S.D., 1997. Exclusion of predatory fish on a coral reef: the
anticipation, pre-emption and evaluation of some caging
artefacts. J. Exper. Mar. Biol. Ecol. 213, 181–198.

Desmond, J.S., Deutschman, D.H., Zedler, J.B., 2002. Spatial and
temporal variation in estuarine fish and invertebrate
assemblages: analysis of an 11-year data set. Estuaries 25,
552–569.

Entrix, Pacific Estuarine Research Laboratory, Philip Williams and
Associates Ltd., 1991. Tijuana Estuary tidal restoration
program. Draft Environmental Impact Report and
Environmental Impact Statement, vol. 1–3. Entrix, Inc.,
Houston, TX.

Euliss, N.H., Jarvis, R.L., Gilmer, D.S., 1991. Standing crops and
ecology of aquatic invertebrates in agricultural drainwater
ponds in California. Wetlands 11, 179–190.

Fennessy, M.S., Brueske, C.C., Mitsch, W.J., 1994. Sediment
deposition patterns in restored freshwater wetlands using
sediment traps. Ecol. Eng. 3, 409–428.

Fong, P., Zedler, J.B., Donohoe, R.M., 1993. Nitrogen vs.
phosphorus limitation of algal biomass in shallow coastal
lagoons. Limnol. Oceanogr. 38, 906–923.
Fritz, E.S., 1975. The life history of the California killifish Fundulus
parvipinnis Girard in Anaheim Bay, California. In: E.D. Lane,
C.W. Hill (Eds.), The marine resources of Anaheim Bay,
California Department of Fish and Game, Fish Bulletin
165.



r i n g

G

G

H

H

I

K

K

K

K

K

L

L

L

L

M

M

M

M

N

N

O

O

e c o l o g i c a l e n g i n e e

ratton, C., Denno, R.F., 2003. Inter-year carryover effects of a
nutrient pulse on Spartina plants, herbivores, and natural
enemies. Ecology 84, 2692–2707.

reer, K., Stow, D., 2003. Vegetation type conversion in Los
Penasquitos Lagoon, California: an examination of the role of
watershed urbanization. Environ. Manage. 31, 489–503.

art, C.M., Gonzalez, M.R., Simpson, E.P., Stuart, H.H.T., 1998.
Salinity and fish effects on Salton Sea microecosystems:
zooplankton and nekton. Hydrobiologia 381, 129–152.

olling, C.S., 1973. Resilience and stability of ecological systems.
Ann. Rev. Ecol. Syst. 4, 1–23.

BWC, 2006. South Bay International Wastewater Treatment Plant.
International Boundary and Water Commission, El Paso, TX.

entula, M.E., 2000. Perspectives on setting success criteria for
wetland restoration. Ecol. Eng. 15, 199–209.

neib, R.T., 1984. Patterns of invertebrate distribution and
abundance in the intertidal salt marsh: causes and questions.
Estuaries 7, 392–412.

neib, R.T., 1997. The role of tidal marshes in the ecology of
estuarine nekton. Oceanogr. Mar. Biol.: An Ann. Rev. 35,
163–220.

neib, R.T., Stiven, A.E., 1982. Benthic invertebrate responses to
size and density manipulations of the common Mummichog,
Fundulus heteroclitus, in an intertidal salt marsh. Ecology 63,
1518–1532.

wak, T.J., Zedler, J.B., 1997. Food web analysis of southern
California coastal wetlands using multiple stable isotopes.
Oecologia 110, 262–277.

arkin, D.J., Madon, S.P., West, J.M., Zedler, J.B., 2008. Topographic
heterogeneity influences fish use of an experimentally
restored tidal marsh. Ecol. Appl. 18, 483–496.

arkin, D.J., Vivian-Smith, G., Zedler, J.B., 2006. Topographic
heterogeneity theory and ecological restoration. In: Falk, D.A.,
Palmer, M.A., Zedler, J.B. (Eds.), Foundations of Restoration
Ecology. Island Press, Washington, DC, pp. 142–164.

evin, L.A., Talley, D., Thayer, G., 1996. Succession of
macrobenthos in a created salt marsh. Mar. Ecol. Progr. Ser.
141, 67–82.

evin, L.A., Talley, T.S., 2002. Natural and manipulated sources of
heterogeneity controlling early faunal development of a salt
marsh. Ecol. Appl. 12, 1785–1802.

adon, S.P., West, J.M., Zedler, J.B., 2002. Responses of fish to
topographic heterogeneity in an experimental marsh
(California). Ecol. Restor. 20, 56–58.

adon, S.P., Williams, G.D., West, J.M., Zedler, J.B., 2001. The
importance of marsh access to growth of the California
killifish, Fundulus parvipinnis, evaluated through bioenergetics
modeling. Ecol. Modell. 136, 149–165.

aloney, N., Chan, K., 1974. Physical oceanography. In: Dailey, M.,
Hill, B., Lansing, N. (Eds.), A Summary of Knowledge of the
Southern California Coastal Zone and Offshore Areas, vol. 1:
Physical Environment. Bureau of Land Management, Southern
California Ocean Studies Consortium, Long Beach, CA, pp.
3.1–3.65.

oseman, S.M., Levin, L.A., Currin, C., Forder, C., 2004.
Colonization, succession, and nutrition of macrobenthic
assemblages in a restored wetland at Tijuana Estuary,
California. Est. Coastal Shelf Sci. 60, 755–770.

etto, S.A., Lana, P.D., 1994. Effects of sediment disturbance on
the structure of benthic fauna in a subtropical tidal creek of
southeastern Brazil. Mar. Ecol. Prog. Ser. 106, 239–247.

OAA, 2006. NOAA Tides and Currents. NOAA CO-OPS, Silver
Spring, MD.

ksanen, J., R. Kindt, P. Legendre, R.B. O’Hara, 2006. Vegan:

Community ecology package. R package version 1.8-3.

nuf, C.P., 1987. The Ecology of Mugu Lagoon, California: An
Estuarine Profile. Biological Report 85(7.15), U.S. Fish and
Wildlife Service, Washington, DC, June 1987.
3 5 ( 2 0 0 9 ) 65–74 73

Palmer, M.A., Ambrose, R.F., Poff, N.L., 1997. Ecological theory and
community restoration ecology. Restor. Ecol. 5, 291–300.

Posey, M., Powell, C., Cahoon, L., Lindquist, D., 1995. Top-down vs.
bottom-up control of benthic community composition on an
intertidal tideflat. J. Exper. Mar. Biol. Ecol. 185, 19–31.

Quammen, M.L., 1981. Use of exclosures in studies of predation
by shorebirds on intertidal mudflats. The Auk 98, 812–817.

R Development Core Team, 2007. R: A Language and Environment
for Statistical Computing.

Ramsar Convention Bureau, 2006. The List of Wetlands of
International Importance. Ramsar Convention Secretariat.

Rowan, K., 1989. Photosynthetic Pigments of Algae. Cambridge
University Press, New York, 334 pp.

RWBC, 2002. Los Laureles Canyon: Erosion control project.
Regional Workbench Consortium, San Diego, CA.

Sarda, R., Valiela, I., Foreman, K., 1996. Decadal shifts in a salt
marsh macroinfaunal community in response to sustained
long-term experimental nutrient enrichment. J. Exper. Mar.
Biol. Ecol. 205, 63–81.

Scatolini, S.R., Zedler, J.B., 1996. Epibenthic invertebrates of
natural and constructed marshes of San Diego Bay. Wetlands
16, 24–37.

Schratzberger, M., Bolam, S.G., Whomersley, P., Warr, K., Rees,
H.L., 2004. Development of a meiobenthic nematode
community following the intertidal placement of various
types of sediment. J. Exper. Mar. Biol. Ecol. 303, 79–96.

Silliman, B.R., Layman, C.A., Geyer, K., Zieman, J.C., 2004.
Predation by the black-clawed mud crab, Panopeus herbstii, in
Mid-Atlantic salt marshes: further evidence for top-down
control of marsh grass production. Estuaries 27,
188–196.

Silliman, B.R., van de Koppel, J., Bertness, M.D., Stanton, L.E.,
Mendelssohn, I.A., 2005. Drought, snails, and large-scale
die-off of southern US salt marshes. Science 310, 1803–1806.

Smith, K.J., Able, K.W., 1994. Salt-marsh tide pools as winter
refuges for the mummichog, Fundulus heteroclitus, in
New-Jersey. Estuaries 17, 226–234.

Steinman, A.D., Lamberti, G.A., 1996. Biomass and pigments of
benthic algae. In: Lamberti, G.A. (Ed.), Methods in Stream
Ecology. Academic Press, New York, pp. 295–311.

Stevens, P.W., Montague, C.L., Sulak, K.J., 2006. Patterns of fish use
and piscivore abundance within a reconnected saltmarsh
impoundment in the northern Indian River Lagoon, Florida.
Wetlands Ecol. Manage. 14, 147–166.

Strong, D.R., 1992. Are trophic cascades all wet? Differentiation
and donor-control in speciose ecosystems. Ecology 73,
747–754.

Suding, K.N., Gross, K.L., Houseman, G.R., 2004. Alternative states
and positive feedbacks in restoration ecology. Trends Ecol.
Evol. 19, 46–53.

Sundareshwar, P.V., Morris, J.T., Koepfler, E.K., Fornwalt, B., 2003.
Phosphorus limitation of coastal ecosystem processes.
Science 299, 563–565.

Talley, D.M., 2000. Ichthyofaunal utilization of newly-created
versus natural salt marsh creeks in Mission Bay, California.
Wetlands Ecol. Manage. 8, 117–132.

Talley, T.S., Levin, L.A., 1999. Macrofaunal succession and
community structure in Salicornia marshes of southern
California. Est. Coastal Shelf Sci. 49, 713–731.

Teal, J.M., Weishar, L., 2005. Ecological engineering, adaptive
management, and restoration management in Delaware Bay
salt marsh restoration. Ecol. Eng. 25, 304–314.

Valiela, I., McClelland, J., Hauxwell, J., Behr, P.J., Hersh, D.,
Foreman, K., 1997. Macroalgal blooms in shallow estuaries:

controls and ecophysiological and ecosystem consequences.
Limnol. Oceanogr. 42, 1105–1118.

Vander Zanden, M.J., Olden, J.D., Gratton, C., 2006. Food web
theory and ecological restoration. In: Falk, D.A., Palmer, M.A.,



e r i n
74 e c o l o g i c a l e n g i n e

Zedler, J.B. (Eds.), Foundations of Restoration Ecology. Island
Press, Washington, DC, pp. 165–189.

Varty, A.K., Zedler, J.B., 2008. How waterlogged microsites help an
annual plant persist among salt marsh perennials. Est. Coasts
31, 300–312.

Vivian-Smith, G., 1997. Microtopographic heterogeneity and
floristic diversity in experimental wetland communities. J.
Ecol. 85, 71–82.

Wallace, K.J., Zedler, J.B., Callaway, J.C., 2005. Evolution of tidal
creek networks in a high sedimentation environment: a
5-year experiment at Tijuana Estuary, California. Estuaries 28,
795–811.

Ward, K.M., Callaway, J.C., Zedler, J.B., 2003. Episodic colonization
of an intertidal mudflat by native cordgrass (Spartina foliosa) at
Tijuana Estuary. Estuaries 26, 116–130.

Weishar, L.L., Teal, J.M., Hinkle, R., 2005. Designing large-scale
wetland restoration for Delaware Bay. Ecol. Eng. 25,

231–239.

West, J.M., Williams, G.D., Madon, S.P., Zedler, J.B., 2003.
Integrating spatial and temporal variability into the analysis
of fish food web linkages in Tijuana Estuary. Environ. Biol.
Fishes 67, 297–309.
g 3 5 ( 2 0 0 9 ) 65–74

West, J.M., Zedler, J.B., 2000. Marsh-creek connectivity: fish use of
a tidal salt marsh in southern California. Estuaries 23,
699–710.

West, T.L., Clough, L.M., Ambrose, W.C., 2000. Assessment of
function in an oligohaline environment: lessons learned by
comparing created and natural habitats. Ecol. Eng. 15, 303–321.

Zedler, J.B., 1980. Algal mat productivity: comparisons in a salt
marsh. Estuaries 3, 122–131.

Zedler, J.B., 1982. Salt marsh algal mat compositions: spatial and
temporal comparisons. Bull. South. Calif. Acad. Sci. 81, 41–50.

Zedler, J.B., 2001. Handbook for Restoring Tidal Wetlands. CRC
Press, Boca Raton, FL, 439 pp.

Zedler, J.B., Morzaria-Luna, H., Ward, K., 2003. The challenge of
restoring vegetation on tidal, hypersaline substrates. Plant
Soil 253, 259–273.

Zedler, J.B., Nordby, C.S., Kus, B.E., 1992. The Ecology of Tijuana
Estuary, California: A National Estuarine Research Reserve.

NOAA Office of Coastal Resource Management, Sanctuaries
and Reserves Division, Washington, DC.

Zheng, L., Stevenson, R.J., Craft, C., 2004. Changes in benthic algal
attributes during salt marsh restoration. Wetlands 24,
309–323.


	Created pools and food availability for fishes in a restored salt marsh
	Introduction
	Study area
	Methods
	Experimental design
	Experimental pools
	Chlorophyll sampling and analysis
	Invertebrate sampling and analysis

	Results
	Block effects
	Experimental pools vs. non-pools and natural pools
	Seasonal variability
	Nitrogen fertilization effects
	Fish exclosure effects

	Discussion
	Experimental pools differed from natural pools and other sites
	Temporal variability
	Bottom-up effects
	Top-down effects
	Restoration recommendations

	Conclusions
	Acknowledgments
	References


